Abstract A growing number of studies argue that forest transition should be enhanced by policymakers given its potential benefits, for instance in slowing climate change through carbon sequestration. Yet the effects of forest transition in landscape heterogeneity and biodiversity remain poorly understood. In this paper we explore the relationships between the forest transition and the landscape changes occurred in a Mediterranean mountain area. Historical land-use maps were built from cadastral cartography (1854; 1956; 2012). Metrics on land-cover change, landscape structure, and landscape functioning were calculated. Multiyear data on butterfly assemblages from two transects (1994)(1995)(1996)(1997)(1998)(1999)(2000)(2001)(2002)(2003)(2004)(2005)(2006)(2007)(2008)(2009)(2010)(2011)(2012) was used as indicator of landuse change effects on biodiversity. Results show a forest expansion process in former cereal fields, vineyards and pasturelands along with rural outmigration and land abandonment. Such forest transition involved large changes in landscape structure and functioning. As peasant management of integrated agrosilvopastoral systems disappeared, landscape became less diverse. Even if forest area is now larger than in mid-nineteenth century, ecological connectivity among woodland did not substantially improve. Instead, ecological connectivity across open habitats has greatly decreased as cereal fields, vineyards, meadows and pasturelands have almost disappeared. Butterfly assemblages under changing land-uses highlights the importance of agro-forest mosaics not only for these species but for Electronic supplementary material The online version of this article (doi:10.1007/s10457-015-9808-8) contains supplementary material, which is available to authorized users. 
Introduction
Forest transition is defined as a national shift from a shrinking to an expanding forest area as a society undergoes economic development (Mather 1992) . Many developed countries ranging from Europe to the United States experienced forest transition during the nineteenth and twentieth centuries (Mather et al. 1999; Rudel et al. 2005) . The prevailing landscape trend in the developed world over the last 5 decades has been the growth of urban sprawl and industrial sites, related to transport and energy networks, surrounded sometimes by rings of intensive and mechanized agriculture; while the rest of the land has increasingly tended to be abandoned and reforested spontaneously, particularly in the Mediterranean region (Vos and Meeks 1999; Lambin and Geist 2006; Gerard et al. 2010) .
The effects of forest transition in landscape features and biodiversity merit reflection. As many forest transitions occur close to urbanizing areas, and as long as a significant portion of new metropolitan areas follow the pattern of sprawled developments, new forests may have high levels of fragmentation and invasion of exotic species (González-Moreno et al. 2013) . In rural areas, land abandonment and forest expansion often lead to lower landscape heterogeneity with negative repercussions on biodiversity and ecological services (Haines-Young and Potschin 2010; Cardinale et al. 2012) , especially for those species that benefit from open habitats and edge environments (Fischer et al. 2008; Tscharntke et al. 2012; Marull et al. 2010 Marull et al. , 2014 . New approaches to nature conservation recognize the role of these seemingly ordinary landscape mosaics as ecological connectors, and challenge at the same time the belief that protecting natural sites means shielding them from human activity (Farina 2000; Agnoletti 2006 Agnoletti , 2014 . We deem that the ecological functioning of many cultural landscapes in the Mediterranean depends mainly on whether the agro-forest mosaics they contain are maintained or lost. Since these agro-forest mosaics come from human intervention in ecosystems, while at the same time natural processes continue to function within them, they become a kind of 'nature transformed' by economic, social and cultural processes (Naveh 1995 (Naveh , 2001 ). Thus, to understand and manage agroforestry systems correctly (carbon sequestration, air and water quality, biodiversity, etc.), we need an interdisciplinary approach to cultural landscapes capable of bridging natural and social sciences (Tress et al. 2001; Jose 2009 ). Moreover, recovering the historical dynamics concealed behind our current land-use patterns becomes a necessity for the emerging integrated approach to biological conservation, which seeks a more complex and multidimensional management of cultural landscapes (Farina 2000; Antrop 2006 ; Matthews and Selman 2006; Rössler 2006) .
A growing number of experts is adopting this landsharing approach to biological conservation and explain why agro-forest mosaics intermingled with cropland patches play a crucial role in biodiversity maintenance (Schroth et al. 2004; Tscharntke et al. 2005; Perfecto and Vandermeer 2010; Tscharntke et al. 2012) , particularly when a wildlife-friendly heterogeneous landscape keeps a good ecological connectivity with natural protected sites and maintains a high species richness able to recolonize any disturbed space (Tress et al. 2001; Bengtsson et al. 2003; Jackson et al. 2007; Loreau et al. 2010 ). Thanks to these adaptive capacities of the regional species pool to the farming and agroforestry disturbances, the associated biodiversity can provide vital ecological services to farming areas as well as to society at large (Giampietro 1997; Altieri 1999; Swift et al. 2004; Marull et al. 2015) . The ecological patterns and processes generated by these agro-forest mosaics gave rise to a set of microhabitats for a great variety of plants and animals (Alverson et al. 1988 ). This offers the opportunity to test the ecological impacts of the vanishing of these agro-forest mosaics in a reforesting landscape by studying as bio-indicators some specific species well adapted to them.
Butterflies stand out amongst the most popular bioindicator taxa for terrestrial ecosystems because of several reasons. Besides of being very sensitive to environmental change , they comprise a manageable number of species (at least in the temperate region), they are easy to identify in most cases and, last but not least, they have attracted the attention of naturalists for centuries. These characteristics have resulted in butterflies having attained an enormous popularity in biodiversity monitoring (they have even been qualified as 'honorary birds' by May et al. (1995) , especially in Europe, where a standard recording methodology-the so-called butterfly monitoring schemes (BMS)-has been implemented across countries (van Swaay et al. 2008) . Although there is some debate about the representativeness of butterflies for other less well-known groups (e.g. Musters et al. 2013) , the most comprehensive review showed that extinction rates in butterflies are similar to those in a range of other insect groups, which make the largest part of terrestrial biodiversity (Thomas 2005) . Many studies show that butterflies are particularly sensitive to the habitat changes that European rural landscapes have experienced in recent decades (Erhardt 1985; Fuller and Warren 1993; Stefanescu et al. 2009; Brückmann et al. 2010; Verdasca et al. 2012) . Indeed, cultural landscapes and traditional farming are now recognized as key elements to halt the serious decline of butterfly populations in Europe (van Swaay et al. 2012) . All these factors, together with the availability of a high quality dataset on butterfly communities in our region, led us to select this insect group as an expression of biodiversity trends in the studied landscape.
The article shows that current debate on the restorative character of forest transitions for ecosystems and biodiversity lacks a crucial discussion regarding the loss of cultural landscape mosaics. We analyse how forest recovery linked to rural outmigration has led to lower landscape quality in a mountain area representative of the Mediterranean environmental change. The location-specific case study approach allows to present in-depth insights that might be lost in a broader geographic approach. We analyse a unique set of detailed cartographic data on land-uses spanning over a period of 160 years from the vantage point of landscape ecology (Turner 2005) to show how forest expansion has decreased the capacity of landscape to host ecological processes and biodiversity, as open habitats-created and enhanced by peasant management-were gradually buried by forest. Finally, the paper critically re-examines at landscape and locale scales the current land sharing/land sparing debate in relation to the well-known global forest transition framework.
Methods

Study region and site
The Metropolitan Region of Barcelona is located in the north-eastern coast of the Iberian Peninsula, hence in the north rim of the Mediterranean Basin (Fig. 1) . Contrasting topography (elevation ranges from 0 to 1700 m a.s.l.) and climate (gradients NE-SW from moist to dry and SE-NW from less to more continental) bring about a rich land variability. Together with the historical land stewardship-characterized by the management of integrated agrosilvopastoral systems-this variability resulted in high landscape heterogeneity. Until the 1950s, complex and diverse land-use mosaics made with crops, pastures and woods spanned across the lowland areas up to the mountain ranges, and were structured by a network of small cities, villages and farmhouses. Later on, the region's intense development led to a massive spread of urban and industrial areas, which increased at the expense of cropland in the lowlands. Mountain ranges witnessed instead a progressive abandonment of rural activities that fostered the expansion of woodlands in marginal agricultural areas. With about 4.9 million people, the metropolitan Barcelona is now one of the most densely populated regions in Europe. Yet it still hosts a number of important natural areas featuring considerable ecological diversity, and it accounts for more than 40 habitats of European significance, including many species of fauna and flora that are either endangered or threatened with extinction (Marull et al. 2007) .
Research was conducted in the Catalan Coastal Range, which stretches for over 150 km along the metropolitan coast. Some of these mountains acted as inner agricultural frontiers during the eighteenth and nineteenth centuries, when population growth and an increased demand for cash crops fostered the clearance of forests to establish new cropland. For one particular site (Olzinelles, 22.87 kman unusually rich set of data on historical land-uses, which allowed us to reconstruct the particular pathway of forest transition experienced during the last 160 years. As a consequence of land-use changes several species mainly reliant on the existence of human-made open habitats have been reported to be receding in the last decades, both in Olzinelles and Montnegre mountains, the larger range where it belongs (Otero et al. 2015) .
Cartographic sources
Three digital land-use maps of the study area were drawn from the cadastral cartography, available for the years 2013 (Directorate General for Cadastre, Spanish Ministry of Finances and Public Administrations), 1954-1956 (Town Council of Sant Celoni and Cadastral Regional Authority) , and 1856 (Archives of Instituto Geográfico Nacional, ref. D-12-5) . The 2013's cartographic base and associated data on land-uses were downloaded from the Directorate General for Cadastre Electronic Site (http://www. sedecatastro.gob.es/ovcinicio.aspx) in standard GIS files. Plot polygons were then labelled with their corresponding land-use as reported by the associated data. Photointerpretation of orthophotos taken in 2012 (provided by the Cartographic Institute of Catalonia at a scale of 1:5000, available at http://www.icc.cat) was used to correct mistakes and to refine the cadastral information where necessary. The 1954-1956 cadastral maps were scanned and georeferenced in the GIS. Hence plot layout was drawn using as a basis the plot layout of 2013, which was edited according to the information provided by the scanned maps. Backward reconstruction was chosen because the cadastral plot layout of 2013 is basically the same as the one of 1954-1956-with small deviations owing to a different format and nature of sources-except in the areas parcelled for development in the 1960s (Fig. 2) , where the original layout was redrawn. Plot polygons were then labelled with their corresponding (main) land-use as reported by the associated tables, obtained at the Town Council of Sant Celoni. Information gaps and doubts were solved through photointerpretation of the aerial photographs of 1956 (provided by the Cartographic Institute of Catalonia at a scale of 1:30,000, available at http://www.icc.cat).
The 1856 map (scale 1:5000, copy ofthe original map drawn in 1853) was photographed and sent to the authors by the staff of the Instituto Geográfico Nacional in Madrid. The photograph was scanned at high resolution and georeferenced in the GIS. Hence plot layout was drawn using as a basis the plot layout of 1954-1956, which was edited and adapted to the information provided by the scanned map. Polygons were then labelled with their corresponding (main) land-use as reported by the statistical data of Olzinelles municipality from 1853 (Archives of the Crown of Aragon, ref. . Both the nineteenth century map and statistics are part of the documentation produced by the Spanish fiscal reform of 1845 and were done by the same surveyor who allegedly used a common codification of plots. Yet some mismatches between the plot codes in the map and the plot codes in the statistics occurred. Such mismatches were addressed by correlating both codifications through known plots, i.e. plots that could be undoubtedly identified in both sources because they contained the name of the house. When the map had more than one plot with the same code, land-uses reported by the statistics were assigned to the different plots according to plot size and geographical criteria. Land-use categories from different sources were then grouped and homogenized in a common classification of landcovers to allow for inter-comparison and analysis of change (Fig. 2) .
The cadastral sources mentioned above were used to create three databases with information on land-use and landownership structure. Each database (years 1853, 1954 and 2013) included all the plots reported by the corresponding source. Information-introduced at plot level, each plot being a row-included all land-uses reported for that plot and their relative area within the plot. It also included a column with the main land-use of the plot (the one with the largest relative area), the total area of the plot and the name(s) of the landowner(s). Likewise as with the maps, land-use categories from different sources were homogenized in a common classification, even with higher detail in forest types so as to grasp the change of woodland and forest use throughout time.
Assessing landscape ecological patterns and processes
Our hypothesis is that land cover diversity of traditional agro-forest mosaics (different landscape units and smaller fragmented spaces) offers more habitats to diverse species, creating a greater amount of ecotones which in turn furnish more opportunities to edge species (Benton et al. 2003; Marull et al. 2010) , as well as a more permeable matrix allowing dispersal among local populations (Shreeve et al. 2004; Lizée et al. 2012) . Therefore, thanks to the so-called 'edge effect' and a more permeable matrix, agroforestry systems could host a greater biodiversity than the more uniform land covers we have currently (Harper et al. 2005; Gabriel et al. 2006) . In order to check this hypothesis with the available historical land-use maps, we analysed the corresponding shifts in landscape patterns of the study area by using the following metrics of land cover change, diversity and fragmentation (Jaeger 2000; Marull and Mallarach 2005; Marull et al. 2007; Moser et al. 2007 ): land cover change (measures the landscape unit change-urban areas, forest, pasture, and croplandof each pixel), Shannon-Wiener index (H 0 ; as used to measure land cover diversity) [Eq. (1)] and effective mesh size (MESH; sum of the areas of the squared polygons divided by the size of the study area) [Eq. (2)].
where P i is the proportion of land matrix occupied by each type of cover.
where A i is the area of each polygon.
To assess landscape processes we have calculated the land matrix ecological connectivity (sensu Lindenmayer and Fischer 2007) applying the ecological connectivity index (ECI; using a simplification of the original methodology proposed by Marull and Mallarach 2005) .
The diagnosis of ecological connectivity relies on defining a set of ecological functional areas (EFA; landscape units) and a computational model of costdistance in displacements, which includes the effect of the modelled anthropogenic barriers, considering the type of barrier, the range of distances and the kind of land use involved. This model has been applied by GIS to the available historical land-use maps. As a first step, to calculate ECI all different land cover categories used in each map were reclassified in landscape units (forest, pasture, and cropland). Then, in order to establish the EFA, the landscape units (forest, pasture, and cropland) were grouped in terms of their ecological affinity, and subsequently performing a topological analysis based on the criteria of minimum requirements and compactness indicated in the literature (Andrén 1994; Fahrig and Merriam 1994; Bender et al. 1998) .
The next step of the model is to consider the barrier effect. An impact analysis of the space surrounding each anthropogenic barrier is performed by means of a weighted classification of landscape units that act as barriers to ecological connectivity. The algorithm used is based on a computational model of cost-distance in displacements, which includes a weight of each type of barrier and a potential matrix of affected land use. The model applies the function cost distance of the ArcGis software and uses two databases: a 'source' surface for each type of barrier (X Bs ; s = 1…5) and an 'impedance' surface from the potential matrix of affected areas (X A ). From this process, an adapted cost distance is obtained (d
being d s the cost distance). Then we assume that the effect of an anthropogenic barrier in point Y S of the surrounding space is logarithmic, and decreases as a function of the distance (Kaule 1997) [Eq. (3)], so that:
where b s is the weight of each barrier (based on residential density or intensity of traffic, for example), ks 1 and ks 2 are constants (estimated from the distribution obtained using empirical data) and d 0 s is the cost distance adapted for each barrier-see Marull and Mallarach (2005) for methodological details.
The barrier effect Y [Eq. (4)] is defined as the sum of effects of all types and the cartographic expression obtained as a result is a surface:
So we finally come to the connectivity index. The algorithm used to determine the ecological connectivity between landscape units (forest, pasture, and cropland) applies a computational model of cost distance, which considers the different classes of EFAs to connect and an impedance surface of land that includes a matrix of potential affinity together with the effect of anthropogenic barriers. Again the model applies the function cost distance of the ArcGis software using two databases: a 'source' surface for each type of functional ecological area (X C 0 r ; r = 1…3) and an 'impedance' surface resulting from applying the effect of barriers to the potential affinity matrix (X I = X C 0 r ? X Y ). This way, you get a cost distance adapted to each type of functional ecological area (d 0 r \ 20,000 to avoid irrelevant information or concealment of results). Finally, we calculate the value of the sums of cost distances adapted. From the computational model of ecological connectivity described above, we formally define a basic ecological connectivity index (ECI b ) in a normalized range that always moves from zero to ten [Eq. (5) ]. This ECI b emphasizes the role played separately by each landscape unit (forest, pasture or cropland) on the land matrix ecological connectivity:
where x i is the value of the sum of the cost distance by pixel and x t the maximum theoretical cost distance. Then, ECI a is the absolute ecological connectivity index [Eq. (6)]:
where m is the absolute number of functional ecological areas considered. As we will see, this index helps to emphasize the role played by all sorts of landscape units (forest, pasture, and cropland) to keep up ecological connectivity Parcerisas et al. 2012) . respectively, and counts were always made by the same two recorders (MM and, secondarily, CS). Both transects sampled a combination of evergreen oak and cork forests, and grasslands (hay and pasture meadows). However, in 'Can Riera de Vilardell', grasslands were planted with maritime pines (Pinus pinaster) in 1993, and by the end of the 12-year recording period had been completely replaced by a very dense stand of trees of more than 10 m high. These shifts exemplify one of the common changes occurred in the study area in the last decades contributing to forest transition. A detailed account of the transect route and the changes in the butterfly community can be found in Miralles and Stefanescu (2004 ; see also Tables A1, A2 According to our hypothesis, we expected a reduction of species richness in the 'Can Riera de Vilardell' transect following the disappearance of the agro-forest mosaics, and the converse trend in the 'Can Valls d'Olzinelles' transect. At each site, a test of proportions (one tail) of the species recorded out of the pool of local species was used to confirm if there had been a significant change in species richness between the start and end of the respective recording periods (a decrease in 'Can Riera de Vilardell', an increasein 'Can Valls d'Olzinelles'). The test formula was [Eq. (7)]:
where p 0 ¼ n initial Áp initial þn final Áp final n initial þn final , and the criteria to reject the null hypothesis:
Þ¼a; where Z $ N 0; 1 ð Þ To assess that changes in the butterfly communities at local scale were in the expected directions due to habitat changes, we further investigated the trend over time in the number of individuals of species preferring grasslands versus those preferring woodland. Habitat preferences had previously been quantified by using the whole CBMS dataset (period 1994-2011, 118 sites) . Each section in a given transect was classified by a professional botanist as open (grassland) or closed (woodland) habitat, according to information on the cover of plant communities (following the CORINE classification) occurring in a 5 m buffer along the recording route (Suggitt et al. 2012 
Results and discussion
Forest transition pathway
Forest cover increased substantially during the last 160 years (Fig. 2) . Instead, rain-fed arable land, vineyards and pastures decreased markedly. Irrigated arable land showed an oscillating trend. Urban and unproductive areas and the road network expanded during the last decades. In the mid-nineteenth century, the largest estates ([100 ha) were mainly devoted to forests and pastures, while the smallest properties were mostly agricultural lands, vineyards being the major land-use of small peasants (Table 1) . One century later, the largest estates were definitively forest ones. In the smallest plots agricultural uses still represented a significant proportion of the area, but forest uses (especially pines and Cork oaks) gained importance. In 2012 the relative importance of small landowners (\1 ha) increased due to parcelling for housing, their properties being mostly devoted to urban uses. In 1856 forests and pastures were mostly located in the northern and southern areas (Fig. 2) . They intermingled with patches of rain-fed arable land and vineyards set up around farmhouses, which were scattered across the hills and the valley bottoms. A concentration of vineyards-and to a lesser extent, of rain-fed arable land-was located in the north-western area, closer to the Sant Celoni village and the Tordera River. By 1954 By -1956 pasture was irrelevant and the areas of vineyard concentration had contracted with respect to 1856 (Table 1; Fig. 2 ). Irrigated arable land was larger instead, with some plots scattered along the Tordera River and in farmhouses of the valley bottoms. Even if landscape was clearly dominated by forests, these were still intermingled with patches of rain-fed arable land and vineyards showing a spatial arrangement resembling the one in 1856. In 2012 rainfed arable land witnessed a strong contraction (Table 1) and only some remnant patches persisted in the valley bottoms. Vineyards almost disappeared since only one plot existed in the southernmost part of the study area. Urban areas consisting of single house plots and the highway are now distinctive landscape elements (Fig. 2) .
Depopulation and land-use changes in Olzinelles constitute a paradigmatic example of what has occurred in many Catalan mountain areas. As a result of land abandonment, spontaneous regeneration of forest and promoted tree plantation, woodland greatly increased in Catalonia in the last century. Thus the economic modernization pathway seems to explain the forest transition our study area and the whole region experienced (Rudel et al. 2005 ).
Effects of forest recovery on landscape patterns and processes
At landscape scale, forest recovery occurred at the expense of vineyards, pastures and rain-fed arable land (Fig. 2) . As a consequence, there has been a decrease in land-use equi-diversity (as measured by H 0 ) and a decrease in the global ecological connectivity (measured as ECI a ), show in the disappearance of ecological functional areas (EFA).
Effective mesh size (MESH) is the inverse of the extent of fragmentation, and Shannon-Wiener Index (H 0 ) measures the land cover equi-diversity. The results show a negative correlation between both variables (Fig. 3 ). There is a clear trend to less landscape fragmentation from 1856 to 1954-1956 due to forest transition (that implies a loss of agriculture and pasture land cover categories), and also an upward trend from [1954] [1955] [1956] (Fig. A1in  ESM) and ECI a (all categories included; Fig. 4) ]. The results show the importance of agriculture and pasture land cover categories to maintain the global ecological connectivity and the key role played by traditional agro-forest mosaics (Fig. 2) in keeping ecological functionality.
The non-forested habitats are the result of peasant management of local resources both to make a living and to produce cash crops. Hence the 'forest approach' obscures the importance of these other non-forested or sparsely tree-covered habitats which can be considered, in the Mediterranean area, to be human induced habitats through an intermediate disturbance regime (Margalef 2006; Marull et al. 2015) . Of course we are not saying that forests are not important habitats, but beyond a certain surface occupied by woodland an increase in forest area did not increase ECI b1 significantly; on the other hand, ECI b2 and ECI b3 decreased dramatically as ecological functional areas disappeared (crops, pastures) . This led to the disappearance and recessive trends of a broad range of species from different taxonomic groups (Otero et al. 2015) . Butterfly assemblages highlight this reasoning, and help to reassure that the results obtained through quantitative landscape metrics are not an artefact.
Effects of forest recovery on biodiversity
At local scale, the bioindicator taxon used confirmed the negative impact of the vanishing agro-forest mosaics on the species richness in the last decades. Butterfly species richness decreased markedly in 'Can Riera de Vilardell' transect following the disappearance of grasslands (Fig. 5) . The proportion of recorded species out of the local pool was lower in 1994 than in 2005 (Z-test = 2.22; P = 0.0132), showing a loss of biodiversity during the study period. On the other hand, there was no clear trend in the 'Can Valls (Fig. 5) , as indicated by a nonsignificant value in the proportion of recorded species at the beginning and at the end of the study (Z-test = 0.39; P = 0.349).
The loss of species richness in 'Can Riera de Vilardell' was the obvious consequence of a strong population decline in grassland species as the habitats were replaced by pine plantations (Fig. 6) , leading to the local extinction of several species. It is worthwhile noting that although butterflies were monitored for only 12 years (1994) (1995) (1996) (1997) (1998) (1999) (2000) (2001) (2002) (2003) (2004) (2005) at the very end of our study period , the results might be capturing a process of biodiversity loss that has been occurring continuously in Olzinelles for more than one century as open areas disappeared and landscape connectivity decreased.
In 'Can Valls d'Olzinelles' we observed an opposite trend, with a significant increase in the proportion of butterflies preferring open habitats, as some forest patches were cut by the Natural Park for conservation purposes and open areas appeared (Fig. 6) . In this case, however, the change in the dominant species was not accompanied by an increase in species richness. Three factors account for this: first, the very poor quality of the new created open habitats, which had been mainly colonized by invasive (alien) plant species that prevent the growth of diversified grasslands (González-Moreno et al. 2013) ; second, the low connectivity between the few remaining grasslands (Fig. A1 in ESM) that hamper greatly the colonization process carried out by typical grassland butterfly species, which nowadays persist in the region only as isolated and small populations (Thomas and Hanski 2004) ; and third, the short time span since the forest clearance took place. In any case, the failure in the attempt to increase butterfly species richness in the last decades highlights the difficulty in recovering the lost ecological processes that should host biodiversity in these former complex Mediterranean cultural landscapes.
It is likely that in the traditional integrated land-use patterns, grazing areas overlapped among grasslands, scrublands and sparse oak woods in a manner almost incomprehensible for people lacking the oral knowledge locally conveyed by villagers who managed these agroforestry systems (Grove and Rackham 2001; Otero et al. 2013) . With the peasant activity and the passing of time these woodlands probably became more spaced out from each other and were able to grow taller. Sunlight penetrated inside what had been a canopy, allowing the grassy layer of the land to grow herbs which could be eaten by livestock. These cultural woodland-meadows not only increased the spatial heterogeneity of forestlands inside a mosaic with pastures and cropland, but created greater differentials in the height and age of the trees (Campos et al. 2013) . The edge effect generated by these landscape mosaics gave rise to a set of microhabitats for a great variety of plants and animals (Alverson et al. 1988) . When traditional extensive livestock rearing came to a sudden end in the 1960s, this multiple and integrated agroforestry-pastoral use of land suddenly collapsed. However, this long-term relationship between human settlement and biodiversity conservation remains hidden below the one-dimension categorizations of landuses found in the historical available sources.
Conclusions
This article critically re-examines the current land sharing/land sparing debate in relation to the wellknown global forest transition framework. At the very heart of this question lies a fundamental longterm relationship between human settlement and biodiversity conservation (Fischer et al. 2008) . The land-sparing view states that the former is incompatible with the latter as settlement and productive activities disrupt many ecosystem processes. The alternative land-sharing view suggests instead that they are not necessarily incompatible; humans may keep up and even enhance biodiversity through a historical process of land stewardship within integrated socio-ecological systems (Agnoletti 2014) . The first view has been recently reinvigorated by a series of works on forest transitions (Grau and Aide 2008) . Given the high human social costs of the conservation strategies that stem from this approach (West et al. 2006 ) it seems worth revisiting it in different biomes of the world and in the light of methods and approaches from different disciplines (Schroth et al. 2004) .
Recently Robson and Berkes (2011) questioned the assumption that forest gain necessarily equates with biodiversity conservation. They pointed out that agricultural land abandonment linked to rural outmigration may result in a gradual loss of agro-forest mosaics, leading to localized declines in biodiversity, despite (or because of) extensive forest resurgence. Mediterranean agro-forest mosaics carry a long socioecological history behind (Blondel et al. 2010) , and hence assessing and understanding the environmental functionality of the agroforestry system requires an analysis of land-use patterns and ecological processes seen from a dynamic historical standpoint. Our case study exemplifies a widespread phenomenon that is taking place under current global change pressures in many parts of southern Europe. The results confirm agroforestry systems as key elements to halt the serious decline of butterfly populations (van Swaay et al. 2012 )-as proxy of biodiversity (Thomas 2005) . We raise the need to consider these agro-forested mosaics as a priority in biological conservation and land-use planning, given their capacity to host biodiversity and keep up environmental services in the future.
Most of the actual biodiversity in European cultural landscapes is related to long land-use, and human-made farmlands (Inger et al. 2014 ). Yet we agree that conservation or restoration of such landscapes involves some normative views together with scientific ones, in the same manner as this happens with other researchers who advocate for promoting forest transition. The advancement in this land sharing/land sparing debate, as well as in policymaking involved, requires a deeper understanding on agroforestry system functioning at different scales of analysis and different biomes on Earth (McNeely 2004; Jose 2009 ).
